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A B S T R A C T
This study is part of the regional stream-quality assessment (RSQA) conducted by the U.S. Geological Survey
(USGS) National Water Quality Assessment (NAWQA) project. The purpose of this study is to examine small
streams along land-use and stressor gradients at the regional scale and to evaluate the relative importance of
instream stressors on diatom, macroinvertebrate, and fish assemblages. In 2015, the RSQA project assessed
stream quality in 82 wadeable streams that were selected along an urban land-use gradient in the Pacific
Northwest Region (PNW) of the United States. This study evaluates the effects of four major categories of
measured instream stressors – flow (i.e. alteration), water quality, habitat, and contaminants (in water and
sediment) – on stream biota. We used gradient forest (GF) models to evaluate taxon specific responses to the
various stressors for the three biotic assemblages. Results for diatom, invertebrate and fish assemblages showed
that several environmental variables including substrate size, dissolved oxygen, and two or more different
contaminants were selected in each of the GF models. In general, all three assemblages were negatively asso-
ciated with any contaminant measures above zero, except the more tolerant taxa in each assemblage, which
responded positively to contaminants. Total nitrogen (TN) and total phosphorus (TP) were important in both the
diatom and invertebrate GF models but not in the fish models, which were related to temperature and stream
flow. TP and TN were the top two variables for diatom GF models and various taxa responded at a range of
nutrient concentrations; however, some taxa responded at low concentrations, for example around 0.02 for TP
and 0.5 mg/L for TN. In general, the three biotic assemblages responded to multiple stressors following general
patterns of known sensitive versus tolerant taxa for each of the biotic groups studied, yet the GF models allow us
to explore taxon specific responses. For example, most of the sensitive Ephemeroptera, Plecoptera, Trichoptera
invertebrate taxa (EPT) responded negatively when any contaminant increased above zero; yet some taxa such as
the tolerant Trichoptera Cheumatopsyche responded positively to contaminants and many of the other stressors.
The findings of this study demonstrate the value of using multiple assemblages to monitoring stressor gradients
associated with urban stream systems and the importance of evaluating the responses of individual taxa to
stressors.
1. Introduction
The effect of urban land use on aquatic ecosystems has been in-
tensively studied, resulting in researchers coining the term “Urban
Stream Syndrome,” which refers to the common effects of urbanization
on streams around the world (Walsh et al., 2005). Included in these
syndromes are changes to hydrology (i.e., increased flashiness), mod-
ification of habitat and channel morphology, reduction in general water
quality (i.e., temperature, dissolved oxygen), and increases in nutrients
and contaminants. Currently, there are increased efforts to assess the
effects of multiple stressors in aquatic ecosystems and several common
patterns are emerging (Dahm et al., 2013; Feld, 2013; Mondy et al.,
2016; Waite et al., 2019). In both urban and agriculture-influenced
watersheds, streams commonly exhibit disturbance due to increased
temperature and nutrients, lower dissolved oxygen and increased se-
diments (U.S. Environmental Protection Agency, 2006; Carlisle et al.,
2013). However, when compared to agriculture stream systems, urban
streams tend to have more impacts due to flow alteration (e.g.,
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increased flashiness) and experience a wider range of contaminants
including insecticides, industrial compounds (i.e., PAH’s, PCB’s, metals)
and sediment-bound contaminants (Brown et al., 2009; Cuffney et al.,
2010; Nowell et al., 2013; Stehle et al., 2019; Waite et al., 2019).
Previous research on multiple stressors in streams have used ag-
gregates of biotic assemblages (i.e., metrics and indices) which may
generalize stressor relationships across the assemblages (Villeneuve
et al., 2015; Mondy et al., 2016; Gieswein et al., 2017; Waite et al.,
2019). These biotic metrics work well for overall bioassessments;
however, they may miss important individual taxon or species response
to stressors and thus may not be as protective of sensitive species.
Moreover, biotic metrics do not allow the evaluation of species-specific
thresholds (Wagenhoff et al., 2017; Waite and Van Metre, 2017). Fur-
thermore, it is well documented that the biotic responses to stressors
can be different across diatoms, macroinvertebrates (invertebrates),
and fish assemblages and thus different assemblages may provide dif-
ferent information about relevant stressors (Schinegger et al., 2016;
Graeber et al., 2017; Kuzmanovic et al., 2016; Waite et al., 2019).
A new modeling technique called “gradient forest” (GF) has been
developed that creates random forest models for each individual taxon
in the sampled assemblage. This allows for the assessment of potential
species-specific thresholds and, as a whole, provides a measure of
taxonomic compositional turnover across environmental gradients
(Ellis et al., 2012; Pitcher et al., 2012; Wagenhoff et al., 2017). Random
forest is a member of the tree-based family of models, which includes
Boosted Regression Trees (BRT) and Classification and Regression trees
(CART), that all have the ability to describe nonlinear response forms,
incorporate multiple predictors and handle potential interactions di-
rectly (De’ath, 2007; Elith et al., 2008). GF models are better-suited
than traditional multi-metrics for investigating the relationship be-
tween biotic assemblages and environmental stressors because they
allow for the evaluation of both specific and aggregate biotic-stressor
responses to identify potential individual thresholds and assemblage
turnover across these disturbance gradients.
In a study of nine urban metropolitan areas in the United States,
Coles et al. (2012) found there was no single stressor type that was
universally important; however, altered hydrology, changes in stream
channels, and increases in contaminants were important in many of the
study regions. Because of high temporal and spatial variability of
stream contaminants, as well as the high cost of analyzing samples,
contaminant sampling can be challenging, thus contaminants are often
not included in many multi-stressor studies (Mondy et al., 2016; Ponsati
et al., 2016; Schafer et al., 2016; Waite et al., 2019). In this study,
multiple weekly samples and media (water and sediment) were ana-
lyzed with an expanded list of parent and degradate chemical analytes
compared to most previous research. In addition, many of the previous
studies focused on the effects of landscape alteration (i.e., GIS based
urban land use, roads, point source, etc.) whereas we focus on linking
the direct measurement of instream stressors to their effects on the
biota, thus avoiding a more general assessment of land use as a stressor.
This study represents the third of five regional stream-quality as-
sessment (RSQA) studies conducted by the U.S. Geological Survey
(USGS) National Water Quality Assessment (NAWQA) project. The
overall purpose of the RSQA studies is to examine small streams along
land-use and stressor gradients at the regional scale and to evaluate the
relative importance of different measured instream stressors on diatom,
invertebrate, and fish assemblages. In 2015, the project assessed stream
quality in 82 wadeable streams along an urban land use gradient in the
Pacific Northwest Region (PNW) of the United States. The objectives of
this study were to evaluate multiple stressors for the three biotic as-
semblages representing a typical stream food-web across an urban
disturbance gradient and determine both assemblage-level and species-
Fig. 1. Map showing the location of all 82 stream sites sampled and general land use coverage based on NLCD 2011 data. Sites are coded into five site types based on
amount of urban land use in watershed. For complete list of stream sites, location and general basin characteristics, see Supplemental File, Table S1.
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or taxon-specific responses to various instream stressors. This study is
unique in that we have four major categories of instream stressors (flow
i.e. alteration; water quality; habitat; and contaminants) assessed across
a large urban regional study area, the assessment of three diverse biotic
assemblages and, through the use of gradient forest models, the ability
to evaluate taxon specific responses to these various stressors. In this
study, we expect that the diatom, macroinvertebrate and fish assem-
blages will have different responses to the urbanization gradient and
that they will provide different information about specific taxon-spe-
cific responses to urban stressors. For each of the biotic groups studied,
we also expect that there will be distinct taxa that will respond to these
stressors following known patterns previously observed of sensitive
versus tolerant taxa.
2. Methods
2.1. Study area description
The PNW study area encompasses watersheds in the Willamette
Valley and Puget Lowland Level III Ecoregions (Omernik, 1995) in the
States of Oregon and Washington (Fig. 1) (Sheibley et al., 2017). The
Puget Lowland Ecoregion covers an area of 18,000 km2 (Sorenson,
2012) in western Washington State. This ecoregion is bounded by the
Coast Range Ecoregion to the west and Cascade Range Ecoregion to the
east and follows the Interstate 5 corridor from the Canadian border
south to the northern border of the Willamette Valley Ecoregion, near
Portland, Oregon. Elevations within the ecoregion range from sea level
to 460 m, with an average about 150 m (DellaSala et al., 2001). Climate
in the Puget Lowland Ecoregion is a mild, maritime climate (U.S.
Environmental Protection Agency, 1999). For 1981–2010, the average
minimum temperature ranged from 5 to 7° Celsius (°C), with the
average maximum from 13 to 17 °C (National Climatic Data Center,
2010). Average annual precipitation in the Puget Lowland Ecoregion
ranged from 48 to 167 cm during the same period. Prior to European
settlement, the primary land cover in the Puget Lowland Ecoregion was
coniferous forests dominated by Douglas-fir (Sorenson, 2012).
Seattle is the largest city in the ecoregion with 608,660 people (U.S.
Census Bureau, 2010), and the population of the central Puget Sound
region is nearly 4 million people (Puget Sound Regional Council, 2016).
From 2015 to 2016, the central Puget Sound had the largest 1-year
increase in population this century with an increase of about 87,000
people (Puget Sound Regional Council, 2016). Land-cover change from
1973 to 2000 resulted in a large decrease in forested land cover (about
10 percent) and a large increase in developed land cover (about seven
percent), with agriculture remaining at about the same level (decrease
of 0.6 percent) (Sorenson, 2012). In general spatial terms, the center of
the Puget Lowland Ecoregion is dominated by developed land cover
(Seattle metropolitan area), with agriculture mainly on river flood-
plains to the north and south, and the remaining outer regions domi-
nated by forests (Fig. 1).
The Willamette Valley Ecoregion covers about 14,360 km2 (Wilson
and Sorenson, 2012). The alluvial Willamette Valley extends north to
south between the Coast Range Ecoregion to the west and Cascades
Ecoregion to the east (Fig. 1). Most of the ecoregion is in Oregon, but
the northern extent reaches into southwestern Washington State where
the Lewis and Columbia Rivers converge. The Willamette Valley Ecor-
egion shares its northern border with the Puget Lowland Ecoregion and
the southern border with the Klamath Mountains Ecoregion. The to-
pography in the ecoregion is relatively flat, ranging from sea level to
122 m (Wilson and Sorenson, 2012). Climate in the Willamette Valley
Ecoregion is temperate Mediterranean (U.S. Environmental Protection
Agency, 1999), average annual minimum temperatures for 1981–2010
ranged from 4 to 8 °C, with an average maximum from 13 to 18 °C
(National Climatic Data Center, 2010). Average annual precipitation in
the Willamette Valley Ecoregion ranged from 91 to 205 cm during the
same period.
The flat terrain and fertile soils, mild wet winters, and dry summers,
make the Willamette Valley the most important agricultural region in
the State (U.S. Environmental Protection Agency, 1999). The largest
city in the ecoregion is Portland, with a population of 583,776 in 2010
(U.S. Census Bureau, 2010), and the total population in the Willamette
Valley is about 2.3 million (Oregon Department of Fish and Wildlife,
2006). This area is a major producer of agricultural and forest products,
including grass seed, fruit, nuts, grains, and livestock (Wilson and
Sorenson, 2012). Like the Puget Lowland Ecoregion to the north, the
greatest decrease in land-cover type in the Willamette Valley Ecoregion
between 1973 and 2000 was forest (about four percent) and greatest
increase in land-cover type was developed land (about three percent);
agricultural land cover decreased by about two percent during this
same period (Wilson and Sorenson, 2012).
2.2. Study design
The study utilized a gradient approach to select stream sites that
represented a range of urban development across the region, subdivided
for design purposes into three urban tiers based on intensity of urban
land use. Watersheds that lie predominantly or entirely within pro-
tected areas (such as parks and wildlife refuges) or are predominantly
forested (with limited or no urban development), were considered re-
ference conditions. At the other end of the continuum are watersheds in
the major urban centers of Seattle and Portland that are subject to high-
intensity urban development. The design of this study allowed us to
assess the impacts from multiple stressors associated with urbanization
in the PNW study area by targeting streams that represent a regional
gradient from low- to high-intensity urban development. Eighty-seven
stream sites were sampled in the gradient approach, 71 urban tier sites,
11 reference and five agricultural sites (Fig. 1) (Sheibley et al., 2017);
however, for this study, we removed the five sites primarily influenced
by agricultural land use to focus on the effects of urbanization. Sites
ranged in watershed size from 5 to 205 km2, with the 5 and 95 quartiles
ranging from 7 to 103 km2, respectively (Supplemental Information
Table S1 Site List).
2.3. Data collection and processing
Stream sites were sampled from April–June 2015 and sampling
frequency and timing varied by site type. Weekly water sampling was
collected during a water-quality “index period” that spanned 10 weeks
for most sites. This index period was reduced to four weeks at all re-
ference sites and at a few of the low urban land-use sites to reduce
sampling costs, since pesticides are least likely to occur at these sites.
For comparability, all water quality data used in analyses in this paper
focuses only on the last four weeks of sampling completed across all
sites. A one-time ecological survey of stream habitat, algae (diatoms),
benthic macroinvertebrates, and fish was conducted at all sites over a 2-
week period, beginning the final week of the 10-week water-quality
index period and extending through the week that followed (weeks 10
and 11). Streambed sediment was collected during the ecological
survey for analysis of sediment chemistry and laboratory toxicity
testing.
Weekly discrete samples of water chemistry were collected at all
sites. Discrete samples may not accurately reflect the exposure of biota
to short-term “spikes” in high chemical concentrations that are poten-
tially acutely toxic. Therefore, to complement weekly collection of
discrete stream samples, polar organic chemical integrative samplers
(POCIS), and continuous water-quality data also were used in the study.
Passive POCIS samplers were used to collect time-weighted average
concentrations of polar organic compounds at 75 of the 87 sites. Weekly
water-quality samples were collected for major ions, nutrients, pesti-
cides, glyphosate, and suspended-sediment concentration. Unless
otherwise noted, chemical analyses were conducted at the USGS
National Water Quality Laboratory (NWQL). Briefly, water and POCIS
I.R. Waite, et al. Ecological Indicators 112 (2020) 106047
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extracts both were analyzed for 225 dissolved pesticides and degradates
(except glyphosate) using direct aqueous injection liquid chromato-
graphy tandem mass spectrometry (DAI LC-MS/MS) (Sandstrom et al.,
2015). Glyphosate was analyzed separately at the USGS Texas Water
Science Center in Austin, Texas, by enzyme linked immunosorbent
assay (ELISA) (Mahler et al., 2017). Detailed explanation of water
sampling procedures and protocols are presented in Sheibley et al.
(2017). Field properties of specific conductance, pH, dissolved oxygen,
and water temperature were measured at the time of sampling with a
field-calibrated multi-parameter sonde.
2.4. Continuous water data collection
At stream sites where continuous stream gages did not exist (52 of
82 sites; SI Table 1), digital water-level loggers were deployed that
recorded water temperature and water level (stage). Internally logging
digital devices were deployed prior to April 15, 2015, the beginning of
the data collection period, and remained deployed until September–-
October 2015. Deployment included the installation of two loggers per
site—one to measure water level (water column) and one to measure
barometric pressure (air). Each water logger was mounted at a depth
where it would remain continually submerged, yet be readily accessed
if needed. The barometric pressure logger typically was fixed to a
nearby tree or bridge infrastructure. When possible, instream loggers
were deployed about 15 cm above the streambed, out of direct sunlight,
and attached to rebar anchored in the streambed or to stable parts of
stream gage infrastructure or bridge piers if these structures were
present at the site.
2.5. Ecological data collection
Diatom, invertebrate, and fish samples were collected and habitat
was assessed along a 150-m ecological-assessment reach, according to
the methods described in Moulton et al. (2002). All field data were
recorded on electronic forms using hand-held tablet computers. Raw
field data collected from the fish and habitat surveys, and field records
for the algal and invertebrate samples destined for laboratory analysis
were loaded in the USGS BioData biological database (https://aquatic.
biodata.usgs.gov).
Diatom and invertebrate assemblages were sampled using standard
USGS richest-targeted habitat (RTH) protocols (Moulton et al., 2002;
Hambrook and Canova, 2007). RTH samples are intended to represent
the habitat features (usually a riffle) having the greatest diversity of
organisms within a given stream reach. The benthic algae were scraped
from natural substrates (for example, flat rocks) to obtain a targeted
area of 150 cm2. The substrate was scraped with a brush in a defined
area and flushed into a 500-mL bottle with water from that stream.
Typically, 11 subsamples of equal size were combined in a single
composited algal sample to represent the site. The sample was pre-
served with buffered formalin at a concentration of about five percent
and sent to the University of Colorado for algal taxa identification and
enumeration (Spaulding et al., 2010).
Invertebrate samples were collected from the RTH (typically a riffle
with gravel to cobble substrate), using a modified Surber sampler with
500-μm mesh net that samples a 0.25 m2 area of substrate (Moulton
et al., 2002). The total invertebrate sample area was targeted at
1.25 m2, the sum of a composite of five modified Surber samples. The
large organic and inorganic debris was removed, and then the re-
maining organic sample with invertebrates was transferred to a 1-L
bottle and preserved with 10-percent buffered formalin. Large or rare
invertebrates, such as crayfish and larger mollusks, were photographed
and released in accordance with collection permit procedures. In-
vertebrate samples were shipped to NWQL for identification and enu-
meration of taxa (generally either genus or species).
A representative fish-community sample was collected at each site
using backpack-mounted electrofishing units following a two-pass
procedure (Moulton et al., 2002). Fish generally were identified to
species, counted in the field, and then released within the collection
reach. In the few cases where a fish could not be positively identified in
the field, an individual fish was preserved for later identification.
The physical habitat of the reach was characterized following USGS
protocols (Fitzpatrick et al., 1998). Reach lengths for this study were
150 m at each site. Qualitative and quantitative measurements were
collected at 11 primary and 10 secondary transects. Depending on the
transect type, these measurements included, but were not limited to,
depth, wetted width, substrate particle size, canopy cover, macrophyte
coverage, bank height, presence of bars and islands, and instream fish
habitat. Geomorphic channel units such as pools, riffles, and runs were
characterized by size and frequency.
Detailed information is provided in Sheibley et al. (2017) on all
laboratory procedures for all water sample analyses and ecological
sample processing as well as information on quality assurance and
quality control procedures. National RSQA team members reviewed the
water-quality and sediment-quality results received from the labora-
tory. The water-quality data reviews included identification and review
of extremes in the data (outliers), inconsistencies or unexpected results
in the data, and major differences between environmental samples and
replicates, detected values in blanks, and analyte recoveries in spike
samples.
2.6. Data analysis
GF is a novel statistical approach that has advantages over tradi-
tional tree-based learning techniques (Ellis et al., 2012). GF creates
multiple random forest models for each species, then provides graphs
on species-stressor responses and overall community turnover response.
GF was applied to the data for the three assemblages to quantify the
shape and magnitude of species compositional turnover across the
urban stressor gradients. GF models were implemented separately for
diatom, invertebrate and fish assemblages in the statistical program R
(version 3.5.0). To meet statistical requirements, rare taxa were re-
moved separately for each assemblage by dropping those taxa that did
not occur at least 10% of the sites. Taxon relative abundances were log-
transformed and models run with 105 individual environmental vari-
ables within four stressor categories; flow, water quality, habitat and
contaminants (variable definitions of final model variables are provided
in SI Table 2). Predictors do not need to be transformed for regression
tree models.
In GF models, the random forests models provide three measures
that are used to investigate biotic response: the model goodness-of-fit
measure R2 for each taxon, the accuracy importance for each predictor
within the forest, and the raw importance for each predictor at each
split value in a particular tree. The turnover functions on the instream
stressors (predictors) are obtained by distributing the R2 values from all
taxa among the predictors in proportion to their accuracy importance
and along the predictor gradient according to the density of the raw
importances (Ellis et al., 2012). This is done by finding for each tree all
splits involved with a predictor and its associated impurity importances
(i.e., reduction of deviance due to the split) then standardized by
density and normalized to sum to R2 for that taxon (Figs. 2, 5, 8). RF
models consisting of 500 regression trees for each taxon were run using
the R package extendedForest (based on package randomForest).
Each regression tree is fit to a bootstrap sample of the observations
and partitioning of the data is performed by the best split (minimizing
error variance) by testing a random subsample of the predictors (Ellis
et al., 2012; Wagenhoff et al., 2017). Each split is associated with an
importance value reflecting the degree of change in abundance. The RF
model predictions are averages of the predictions of each tree and the
goodness-of-fit measure R2 is the proportion of the variance explained
by the RF model derived through cross-validation. The package ex-
tendedForest calculates an improved, more robust measure of predictor
importance within each RF by taking into account correlation between
I.R. Waite, et al. Ecological Indicators 112 (2020) 106047
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predictors (Ellis et al., 2012). The default correlation threshold of 0.5 as
well as other default settings were used. The R package gradientForest
uses information from all RF models with R2 > 0 from extendedForest
to calculate the final model output. Like all regression tree techniques,
predictors are ranked by taking a weighted average of the conditional
importances (species-specific) using R2 values of the RF models. Species
turnover functions are computed using information on the predictor
splits and associated importance within each tree by accumulating the
split importance values across the stressor gradients. Field survey data
is rarely uniformly distributed across the stressor gradients, and as a
result, split density is biased toward values where sampling is more
intense; therefore, GF standardizes split density by the density of the
observed values across each stressor. For this paper, we were most in-
terested in the variable importances across all taxa within each as-
semblage (Density split plots) and the species-specific cumulative im-
portance curves for the final most important stressors (6–9) that we
could interpret for each assemblage.
We also evaluated the relationship between environmental variables
and the stream biota with ordinations and vector-fitting analysis.
Ordinations are used to plot biotic assemblages as a map where each
sample assemblage is displayed as a single point along scaled axes. In
the ordination, points that are close together indicate biotic assem-
blages that are more similar, whereas points that are far apart on the
ordination represent biotic assemblages that are relatively different.
Non-Metric Multidimensional Scaling (NMDS) based on Bray-Curtis
dissimilarities (Legendre and Legendre, 1998, McCune and Grace,
2002) were created for each biotic group using relative abundance data
for the taxa selected in the GF models.
We used vector-fitting analysis to overlay the environmental vari-
ables selected in the GF models onto the ordinations of each biotic
group. Vector-fitting analysis was conducted using a vector fitting
function called envfits (Oksanen, 2011) to overlay vectors on the or-
dination. The vectors show the direction and magnitude of the en-
vironmental variables in relation to the points on the ordination. Vec-
tors were statistically evaluated using a permutation-based test
(Oksanen, 2011). All analyses were completed using R statistical
Fig. 2. Split density plots for diatom assemblages from gradient forest models from streams in the Pacific Northwest regional study (n = 82). Split density showing
the raw split importance computed from split point density weighted by importance (black line), the binned raw split importance density (narrow gray bars), the
density function of the observed predictor values (red line), and the estimated importance function or compositional turnover rate (blue line) is computed as the ratio
of split and data density (black/red lines). The raw importances are normalized so that the area under the blue curve is equal to the R2 for all species for that
environmental variable (Ellis et al., 2012). Ratios > 1 (dashed horizontal line) of the importance function indicate that compositional rate of change is relatively
larger in that stressor range than elsewhere in the stressor gradient. Thresholds are visually identified in those areas where the blue line is above the dashed line, yet
considering the full range of the stressor. For variable definitions and units, see Supplemental File, Table S2.
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software (Version 3.5.0; R Core Team, 2017).
3. Results
3.1. Diatom
There was a total of 374 diatom taxa from all sites, Cocconeis pla-
centula was the most common species occurring at 79 of the 80 sites
where diatom data was collected (two sites did not have enough dia-
toms to allow laboratory species identification). Five other taxa oc-
curred at 70 or more sites (Achnanthidium minutissimum, Planothidium
lanceolatum, A. rivulare, Gomphonema kobayasii, and Rhoicosphenia ab-
breviata). Once rare taxa were removed (those taxa occurring at fewer
than nine sites), there were 108 taxa and for 37 of these diatom taxa we
were able to produce a positive GF model (positive R2). Table 1 lists
those taxa by biotic group with model R2 greater than 0.18 and the final
environmental variables in the GF models associated with each of these
taxa that had R2 values greater than 0.04 (selected variable definitions
in Supplemental file SI Table 2). This combination reduces the number
of taxa-environmental variable relationships; however, this keeps the
strongest responses and facilitated interpretation. We retained six of the
105 environmental stressor variables entered into diatom model de-
velopment in the final GF models (Figs. 2 and 3). There were 13 diatom
taxa with GF model R2 greater than 0.18, all except one of the taxa had
one or both of the nutrients (Total nitrogen: TN; Total phosphorus: TP)
as important stressor variables in the individual models (Table 1). Six
diatom taxa had positive responses to both nutrients, two taxa had a
negative response to one nutrient but positive to the other and four taxa
had a significant response to only one nutrient – three positive, one
negative.
Many of the taxa that had positive responses to TP and TN also
showed a positive response to one of the contaminants, either bifen-
thrin or herbicides (Table 1). However, there were two taxa that were
positive for both nutrients and then had a negative response to one of
the contaminants. Overall, there were nine diatom taxa that showed a
response to one of the contaminants (herbicides or bifenthrin), while
four taxa responded to substrate size (d50) and four to dissolved oxygen
minimum (DO). Of the four taxa that had either DO or substrate as
important variables, all had negative responses to increasing DO con-
centration while three had positive and one negative response for in-
creasing substrate size.
As expected, the top two variables for the diatom models were TP
and TN, which showed approximate response thresholds across all taxa
at 0.02 and 0.5 mg/L for TP and TN, respectively (Figs. 2 and 3). The
split density plots also show that diatom taxa begin responding to
pesticide concentrations and substrate size almost immediately and
Table 1 shows the strength and direction of each taxon’s response to
herbicides and to substrate size. Figs. 2 and 3 show that most diatom
taxa respond to DO minimum values beginning in the range between 6
and 7 mg/L. Cumulative split importance curves show all taxa with
significant GF models and show the specific taxa that are responding in
the range highlighted by the blue curves in the split density plots
(Fig. 2); however, only the top 8 taxa for each stressor variable are
labeled and given individual colors in these cumulative plots (Figs. 3, 6,
and 9). The cumulative importance curves show the response shape for
individual taxa and where the major thresholds occur, however, they do
not provide the response direction for each taxon. Therefore, we in-
cluded the response direction for each taxon in Table 1 as indicated by
the – or + next to the stressor variable name. For example, Nitzschia
soratensis shows a strong response to bifenthrin in sediment starting
almost immediately, while N. amphibia starts responding after a value of
0.1 (Fig. 3), however, N. soratensis shows a negative response to bi-
fenthrin while N. amphibia shows a positive response (Table 1). A si-
milar pattern occurs for the herbicide stressor variable, Achnanthidium
minutissimum shows a negative response starting at low concentrations,
while N. fonticola shows a positive response starting at slightly higher
Fig. 3. Cumulative split importance curves for diatom taxa scaled by their respective R2 from gradient forest models from streams in the Pacific Northwest regional
study (n = 80). Only the top eight most important taxa are labeled. Note: these are cumulative plots, the directionality of the taxa responses cannot be seen in these
plots, see Table 1 for response direction. For variable definitions and units, see Supplemental File, Table S2.
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values.
As a comparison to the GF species models and to explore the re-
lationship between assemblage and environmental stressors, we present
ordination plots for select taxa scaled by that taxon’s relative abun-
dance and plotted with the vectors of the final stressor variables in the
GF model, we also add vectors for total urban and agricultural as in-
dicators of land use disturbance gradients (Fig. 4). The diatom ordi-
nation plots and vectors show an urban and nutrient gradient along
NMDS axis 1 with high urban land use and high TP increasing with
positive values of axis 1. Another gradient is evident along axis 2 re-
presenting increased substrate size and lower agriculture with positive
values of NMDS axis 2. These lower agriculture land use sites also have
lower TN, herbicides, and bifenthrin, larger substrate and higher DO
than sites with higher urban and agriculture. The ordination plots
correspond with the GF diatom cumulative species plots and directional
response provided in Table 1. For example, A. minutissimum had higher
abundances (larger bubbles) in the area with higher values for DO and
substrate and lower abundances for the higher values for nutrients,
contaminants, and urban and agricultural land use (Fig. 4), while N.
amphibia shows the opposite pattern; they both follow the general re-
sponse shown in the GF models. On the other hand, some of the other
taxa shown in the ordination plots have positive responses to nutrients
and negative responses to the contaminants and agriculture but positive
to urban gradient (e.g., N. soratensis and Amphora pediculus).
3.2. Invertebrates
There were 255 total invertebrate taxa and 90 taxa remaining after
rare taxa were removed. Baetis tricaudatus (Ephemeroptera mayfly) was
the most common taxon occurring at 74 out of 82 sites. There were six
other taxa that occurred at more than 63 sites, all of which were
Dipterans (Brillia, Tvetenia, Micropsectra, Simulium, Eukiefferiella, and
Polypedilum). There were 47 invertebrate taxa with positive GF models
and 20 taxa with R2 values> 0.18 (Table 1), while only Brillia and
Tvetenia of the common Dipterans had a positive model. There were
nine stressor variables kept in the GF invertebrate models, temperature
was the top variable (Table 1 and Fig. 5). The PEC four contaminant
stressor variable (PEC.LEB), bifenthrin in sediment, substrate size and
TP concentration all showed almost immediate responses by the in-
vertebrate taxa (Fig. 5), while the response range for maximum
minimum (minmax) temperature (maximum of the minimum
temperatures over the 42 days prior to ecological sampling) was be-
tween 16 and 18 °C, and 7–8 mg/L for DO minimum. Many of the EPT
(mostly sensitive taxa in the orders Ephemeroptera, Plecoptera and
Trichoptera) taxa showed negative responses to nutrients, temperature
and contaminants, and positive response to substrate size (e.g., Epeorus,
Zapada, and Wormaldia) (Table 1 and Fig. 6). The exception was the
tolerant Trichopteran Cheumatopysche, which showed positive re-
sponses to nutrients, temperature and number of pesticides detected in
water. Most of the significant models for Dipterans (e.g., Brillia, Tve-
tenia, and Dicranota) also showed negative responses to contaminants
similar to the sensitive EPT taxa. On the other hand, the two snail taxa
(Juga and Fluminicola) showed relatively tolerant responses with posi-
tive repsonse to nutrients, temperature, and contaminants.
The invertebrate ordination plots and vectors showed similar pat-
terns to those in the diatom-based ordinations, with a bit more se-
paration of the higher agriculture and urban sites (Fig. 7). The bubble
plots correspond with the patterns observed in the GF models. Epeorus
(Ephemeroptera mayfly) and Zapada (Plecoptera stonefly) relative
abundances were positively correlated with DO, substrate size, low
contaminants, and low urban and negatively correlated with con-
taminants, nutrients, temperature, high urban and agriculture. The re-
lative abundance of Brillia was positively correlated with DO and sub-
strate size; however, Brillia was also positively correlated with TN and
urbanization. Cheumatopysche and Juga have a well-known tolerance to
stressors (Barbour et al., 1999, Waite et al., 2019), and in the ordination
plots and the GF models in this study were positively correlated with
temperature, nutrients and contaminants, while the opposite pattern
can be observed in the sensitive EPT taxa (Epeorus, Glossosoma, Zapada,
Drunella, Hesperoperla, and others, Table 1).
3.3. Fish
The Pacific Northwest is known for having a low diversity of fish
species. We collected a total of 33 species, 10 of which were non-native
taxa. Cutthroat trout (Oncorhynchus clarki) was the most common spe-
cies and occurred at 66 of the 82 sites sampled. Only four other taxa
occurred at 40 or more sites (reticulate sculpin Cottus perplexus, coho
salmon Oncorhynchus kisutch, lamprey Petromyzontidae, and torrent
sculpin Cottus rhotheus), all native taxa. Since there were fewer fish taxa
than diatoms or invertebrates, we only removed rare fish taxa that
occurred at less than five sites for a total of 18 fish taxa included for
Fig. 4. Non-metric multidimensional scaling ordination for diatom assemblage based on relative abundances for select taxa from 80 stream sites in the Pacific
Northwest region of the U.S. Sites in ordination space are scaled by bubbles according to each species and the vectors for the six stressor variables from the Gradient
Forest models plotted. For variable definitions and units, see Supplemental File, Table S2.
I.R. Waite, et al. Ecological Indicators 112 (2020) 106047
8
model development. There were 12 fish taxa with positive GF models
and seven taxa with R2 > 0.18 (Table 1). There were also nine stressor
variables kept in the final fish GF models, five of them were the same or
slight variations of the variables included in the invertebrate models
(DO minimum, substrate, temperature, PEC sediment contaminants,
and number of pesticides detected in sediment). The top stressor
identified in the GF fish models was temperature (Figs. 8–10 and
Table 1), three taxa had a strong positive response to maximum tem-
perature, while only one taxon had a negative response (Table 1).
Overall, fish taxa response to maximum temperature began around
18 °C, around 100 days for flow peak interval and greater than two
pesticides detected in sediment (Fig. 8). Similar to the response ob-
served in the diatom and invertebrates GF models, there appears to be
an almost immediate response by fish taxa for substrate size (d50 and
soft sediment depth) and the two contaminant variables (PEC in sedi-
ment and pyrethroid/phenylpyrazine insecticides – predominantly fi-
pronil and its degradates). Fish taxa response began at DO minimum
values near 6.5 mg/L and when maximum depth change was greater
than about 0.05 m.
The two salmonids (cutthroat trout and coho salmon) and redside
shiner showed dramatic responses to maximum temperature around
19–20 °C (Fig. 9); however, the response direction was negative for the
salmonids and positive for redside shiner (Table 1). About half of the
fish taxa appear to respond to flow peak intervals beginning around
50 days yet with a more gradual increase, while fish taxa begin to re-
spond to both substrate measures almost immediately. Cutthroat trout
began responding to DO minimum values above 6.5 and coastrange
sculpin above 9.5 mg/L (Fig. 9), yet they both seem to respond to
number of pesticides in sediment at about the same value (> 2). On the
other hand, torrent sculpin seemed to be the only taxon that responded
significantly to the PEC aggregate sediment contaminant measure
(PEC.LEB; negative response Table 1, Fig. 9).
The ordination plots and vectors for the common fish taxa show
similar response patterns as those shown in the diatom and invertebrate
Fig. 5. Split density plots for invertebrate assemblages from gradient forest models from streams in the Pacific Northwest regional study (n = 82). Split density
showing the raw split importance computed from split point density weighted by importance (black line), the binned raw split importance density (narrow gray bars),
the density function of the observed predictor values (red line), and the estimated importance function or compositional turnover rate (blue line) is computed as the
ratio of split and data density (black/red lines). The raw importances are normalized so that the area under the blue curve is equal to the R2 for all species for that
environmental variable (Ellis et al. 2012). Ratios > 1 (dashed horizontal line) of the importance function indicate that compositional rate of change is relatively
larger in that stressor range than elsewhere in the stressor gradient. Thresholds are visually identified in those areas where the blue line is above the dashed line, yet
considering the full range of the stressor. For variable definitions and units, see Supplemental File, Table S2.
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plots, yet with more spread in the fish sites along the first axis than in
the diatom and invertebrate plots (Fig. 10). Cutthroat trout and coho
salmon abundances were positively correlated with DO minimum and
substrate size and negatively correlated with temperature, con-
taminants, maximum depth change, and urban or agricultural land use
(Fig. 10). An opposite pattern was observed for reticulate sculpin and
redside shiner, which were positively correlated with increasing tem-
perature, contaminants, depth change, and urban or agriculture and
negatively correlated with DO and substrate size. Torrent sculpin were
positively correlated with DO, flow peak intervals and negatively cor-
related with the PEC.LEB sediment aggregate measure, contaminants,
depth change, and urban land use are low (Fig. 10).
4. Discussion
4.1. Diatom assemblage response to stressors
The gradient forest models allowed us to evaluate a complex mix of
stressors and taxa to gain insight into the responses of diatoms to in-
stream stressors. Nutrients (TP and TN) were the most important
explanatory variables for the GF models based on the individual diatom
taxa. These findings confirm the known tolerances of diatom taxa and
also provide specific information about potential thresholds related to
urban stressors. For example, the response thresholds shown for TN and
TP observed in the significant GF models were similar to what has been
reported elsewhere (ca. 0.02 for TP and 0.5 mg/L for TN, Stevenson
et al., 2006, Potapova and Charles, 2007, Waite, 2014, Munn et al.,
2018). The GF models also allowed us to evaluate the varied response of
individual diatom taxa to nutrients. For example, Achnanthidium min-
utissimum and A. rivulare responded negatively to TP at concentrations
at or below 0.02 mg/L, while Nitzschia soratensis responded positively at
about the same concentration. Some taxa respond at much higher nu-
trient concentrations, for example, Platessa bahlsii and Nitzschia spp.
don’t appear to respond until ca. 0.09 TP. We observed a similar pattern
for individual taxa responses to TN; many taxa respond at ca. 0.5 mg/L
TN, while some don’t respond much until concentrations are above
1.5 mg/L.
Our results were largely consistent with the findings from a national
study. Potapova and Charles (2012) used a dataset of 1240 river sites
throughout the continental U.S. to assess the relationships between
Fig. 6. Cumulative split importance curves for invertebrate taxa scaled by their respective R2 from gradient forest models from streams in the Pacific Northwest
regional study (n = 82). Only the top eight most important taxa are labeled. Note: these are cumulative plots, the directionality of the taxa responses cannot be seen
in these plots, see Table 1 for response direction. For variable definitions and units, see Supplemental File, Table S2.
I.R. Waite, et al. Ecological Indicators 112 (2020) 106047
10
diatom taxa and nutrient conditions. They classified A. minutissimum
and A. rivulare, two adnate taxa, as low phosphorus and nitrogen spe-
cies. In this study, A. rivulare was, however, positively responding to TN
and Ponader and Potapova (2007) reported that A. rivulare was widely
distributed including sites with elevated nutrient concentrations in
Appalachian streams. In general, many of the nutrient tolerant taxa are
motile Nitzschia and Naviculoid taxa. Kelly et al. (2007) noticed both
nutrient tolerant taxa and motile taxa increased along a trophic gra-
dient and Pillsbury et al. (2019) developed indicator species analysis for
135 diatom taxa and Nitzschia and Navicula taxa consistently had high
indicator values for high TN and TP.
GF models identified bifenthrin in sediment and herbicide in water
as the most important contaminants for diatoms, which showed a range
response. Some diatoms such as A. minutissimum and Planothidium lan-
ceolatum, showed an almost immediate response as contaminant con-
centration increased. However, Melosira varians and Navicula germainii
showed a delayed response and then many taxa that showed no re-
sponse. Adverse effects of herbicides on algal growth have been well
documented in laboratory ecotoxicity studies, with single species or
natural assemblages (Rimet and Bouchez, 2011, Roubeix et al., 2011,
Wood et al., 2017). At the assemblage level, species responses to her-
bicides may vary substantially (Debenest et al., 2009). Debenest et al.
(2009) reported that tolerant diatom species abundances were not
significantly affected by the herbicides isoproturon or s-metolachlor
while abundance of facultative diatom taxa significantly increased at
30 µg/L isoproturon compared to the control with no herbicide addi-
tion. Facultative diatom taxa can switch from autotrophic to facultative
mode. Our results show that several diatom taxa, particularly these
nutrient tolerant taxa, showed positive responses to herbicides while
two adnate taxa (A. minutissimum, P. lanceolatum) showed the opposite.
In field studies of diatoms, it is difficult to discern the effect of herbi-
cides from other stressors. Several studies indicated that the effects of
herbicides were not detectable in rivers with elevated nutrient condi-
tions resulting from agricultural runoff (Berard et al., 1998, Andrus
et al., 2015). In addition, some diatom assemblages have been shown to
recover from herbicide exposure (e.g., atrazine) within 48 h (Prosser
et al., 2015). Furthermore, prior exposure history can also affect dia-
toms’ responses to herbicide exposure (Wood et al., 2017).
4.2. Invertebrate assemblage response to stressors
GF models showed that temperature, substrate, and pesticides had
the strongest association with invertebrates. Temperature was the top
variable in the GF models and there were nine taxa that had a relatively
strong response (Table 1), with six negative and three positive taxon
responses to temperature. The observed relationships were similar to
patterns expected of sensitive cool-water and warm-water taxa. Some
taxa showed responses starting around 13–14 °C (Juga and Suwallia),
while a number of other taxa responded around 17 °C (positive re-
sponse: Cheumatopysche, Fluminicola, Tvetenia; negative response: Brilla
and Zapada). This finding is supported by Huff et al. (2006), who de-
termined the optima for temperature and fine substrate for invertebrate
taxa collected across the state of Oregon and found the optima for
Cheumatopysche to be 24 °C and 20 percent fine substrate, both some of
the highest optima across the state.
Substrate size was the next most important variable in the GF
models and there were eight invertebrate taxa that showed a relatively
strong response, seven of which were positively associated with sub-
strate size. This finding suggests that as substrate sizes increase from
small silts and fines to larger gravels and cobbles, there is a positive
response by invertebrates (Fig. 6). Substrate size is a well-known im-
portant determinant of invertebrate abundance and diversity, with
highest diversity in the mid-size ranges (large gravels to cobbles) and
the lowest abundance and diversity near the two extremes, sand and
bedrock (Minshall, 1984; Munn et al., 2009; Relyea, et al., 2012;
Edwards, 2014; Waite, 2014; Hubler et al., 2016).
The number of pesticides detected in water samples was the third
strongest explanatory variable and there were three other sediment-
based contaminant variables among the nine stressor variables selected
in the invertebrate GF models. Invertebrates showed a negative re-
sponse to pesticides at very low concentrations and sensitive EPT taxa
were frequently among the top eight taxa listed in the GF cumulative
plots. The one exception to this was bifenthrin, which only a few taxa
responded and the strongest response, the dipteran Brillia, showed a
stair-step pattern as concentration increased from 3 to 10 µg/kg (ne-
gative response, Table 1).
Nutrients (TN and TP) were also important stressor variables in the
invertebrate GF models. Four taxa had strong responses for both nu-
trients and seven others responded to only one of the nutrient variables.
Nine taxa had negative responses to one or both nutrients and three had
Fig. 7. Non-metric multidimensional scaling ordination for invertebrate assemblage based on relative abundances for select taxa from 82 stream sites in the Pacific
Northwest region of the U.S. Sites in ordination space are scaled by bubbles according to each species and the vectors for the six stressor variables from the Gradient
Forest models plotted. For variable definitions and units, see Supplemental File, Table S2.
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positive responses. Many of the sensitive EPT taxa had a negative re-
sponse to nutrients, particularly the insects that gather their food by
scraping algae from rocks (i.e., grazers). While it is well known that
nutrients increase algae growth and thus provide more food for in-
vertebrate grazers, we interpret the negative response to nutrients as a
general indicator of high-quality oligotrophic streams like those typi-
cally found in forested watersheds of the PNW to which native taxa are
evolved. DO had a strong response for only two taxa (Table 1), yet they
show an obvious “threshold” type response with little or no abundances
until minimum DO goes above 8–9 mg/L (Fig. 6). The two taxa with a
strong response to DO are sensitive EPT taxa, Glossosoma sp. and
Ephemerella tibialis, both are grazers and generally found in streams in
good condition in the PNW.
4.3. Fish assemblage response to stressors
Temperature (maximum) was the most important variable selected
in the GF models for fish. In general, fish taxa respond once maximum
temperatures go above 18 °C (Fig. 8), while the individual species plots
show the salmonids (coho and cutthroat) begin responding (negative)
near 17 °C and redside shiner and reticulate sculpin at ca. 20 °C (po-
sitive) with a second peak for reticulate sculpin at 28 °C (reticulate
sculpin are known as a tolerant taxon). Salmonids are known for re-
quiring cool water streams, and as a result, the state of Oregon has their
temperature standard set at 18 °C for salmonid bearing streams based
on a 7-day moving average for the rearing and migration periods, ap-
proximately spring through early fall (Oregon Department of
Environmental Quality, 2019).
Unlike the diatom and invertebrate models, the GF models for fish
selected a flow alteration variable, with three fish taxa showing a po-
sitive response and one a negative response to time since last peak flow
(90th percentile of stage; see SI Table 2). Several fish taxa showed a
gradual change as the interval since last peak flow increases, while
rainbow trout showed a dramatic increase as flow peak interval
Fig. 8. Split density plots for fish assemblages from gradient forest models from streams in the Pacific Northwest regional study (n = 82). Split density showing the
raw split importance computed from split point density weighted by importance (black line), the binned raw split importance density (narrow gray bars), the density
function of the observed predictor values (red line), and the estimated importance function or compositional turnover rate (blue line) is computed as the ratio of split
and data density (black/red lines). The raw importances are normalized so that the area under the blue curve is equal to the R2 for all species for that environmental
variable (Ellis et al. 2012). Ratios > 1 (dashed horizontal line) of the importance function indicate that compositional rate of change is relatively larger in that
stressor range than elsewhere in the stressor gradient. Thresholds are visually identified in those areas where the blue line is above the dashed line, yet considering
the full range of the stressor. For variable definitions and units, see Supplemental File, Table S2.
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increased beyond 100 days. For reasons we cannot explain, cutthroat
trout had a negative response with flow peak interval, decreasing as the
time goes above 100 days. It is possible that the flow peak interval
variable is correlated to other factors affecting the habitat for cutthroat
trout that we did not measure. There were four sediment-related vari-
ables selected in the fish models, two related to substrate size (substrate
d84 and soft sediment depth) and two related to sediment contaminants
(number of pesticides detected in sediment and PEC.LEB contaminant
aggregate). Cutthroat trout seemed to respond negatively almost im-
mediately as the number of pesticides detected increased, while redside
shiner and reticulate sculpin did not respond positively until above four
pesticides. On the other hand, torrent sculpin was the only taxon that
had a strong negative response to the sediment contaminant aggregate
(PEC.LEB). Cutthroat trout and speckled dace respond positively to
substrate size and longnose dace, speckled dace and coho salmon all
respond negatively to depth of soft sediment (i.e. accumulation of fine
substrate).
Overall, the various fish species respond to both sediment con-
taminants and sediment size variables as we would expect since these
are all native species for western U.S. and generally sensitive indicator
taxa (cutthroat, coho and longnose) or intermediate indicators
(speckled dace). However, there were only two fish species that showed
a strong association to sediment size (substrate size and soft sediment
depth); this might be due partly to the natural low diversity of fish in
PNW and/or the relatively low sample size for each taxon. Only three
fish species occurred at more than 55 sites and the rest of the fish that
had significant GF models ranged from 5 to 44 sites. This resulted in
low statistical power for many of the fish GF models, especially con-
sidering that many contaminants have non-zero values at almost half of
the sites. The concentration of pyrethroid insecticide in water was an-
other contaminant selected in the models, and coho salmon showed an
immediate strong negative response as values increased above zero.
Coho also showed a strong negative response to maximum depth
change over the 42 days prior to ecological sampling, while reticulate
sculpin showed a positive response. As expected, cutthroat showed a
strong response to minimum dissolved oxygen starting at values of 6.5
and increasing to 10 mg/L, the highest values measured. Speckled dace,
reticulate sculpin and redside shiner, on the other hand, all seem to
Fig. 9. Cumulative split importance curves for fish taxa scaled by their respective R2 from gradient forest models from streams in the Pacific Northwest regional study
(n = 82). Only the top eight most important taxa are labeled. Note: these are cumulative plots, the directionality of the taxa responses cannot be seen in these plots,
see Table 1 for response direction. For variable definitions and units, see Supplemental File, Table S2.
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have a wide tolerance range to DO, with occurrences starting at 5 mg/L
but increasing through the full range of values.
4.4. Effect of drought on multi-stressors
This study was conducted in 2015 and occurred during a 30-year
drought for the PNW region, which usually has a temperate climate
with extensive fall, winter and spring rains. However, in the spring of
2015 when water quality samples were being collected (April-May) this
region was already in an unusual drought with few rain storms that
generated any significant runoff into streams from the surrounding
landscape. During the 2015 April-May period, stream flow was well
below median daily streamflow calculated from the previous
15–20 years for both reference and highly urban sites with long term
flow records (E.F. Dairy Creek and Fanno Creek, USGS gage data). The
number of quick peaks in flow that signify a typical flashy urban stream
were cut in half and were in general smaller in magnitude than in
previous years (Oregon USGS gages). As a result, flow alteration metrics
were not found to be important in either the diatom or the invertebrate
GF models and only showed up as important in the fish models. This
was unexpected, because urban influenced streams are known to be
characterized by a high degree of flashiness that is often considered to
be one of the key impacts to the ecology (Walsh et al., 2005; Waite
et al., 2008; Brown et al., 2009; Cuffney et al., 2010). Waite et al.
(2019) found that flow alteration metrics were important in eight of
nine models (Boosted regression tree models) assessing the impact of
multiple stressors in a similar urban gradient study with the same three
biotic assemblages as in this study. Because of the drought we also
expected that the amount of storm runoff from the surrounding land-
scape flowing into the sampled streams would be reduced and thus
expected that the types and amounts of contaminants in the streams
during our sampling period would be reduced. To our surprise, various
contaminants were important in many of the GF models even though
we do not believe there was much stormwater runoff into most streams
that would be typical of a more normal precipitation year. The lower
flows during the spring of 2015, likely meant that there was lower di-
lution of contaminants coming into the streams compared to a more
normal precipitation year which has more stormwater runoff and pos-
sibly higher deliveries of contaminants but also more dilution. An un-
answered question from this study is where are the contaminants
coming from during drought periods when there are few storm-
generated runoff events?
5. Conclusions and comparisons among the three biotic
assemblages
GF model results for diatoms, invertebrates and fish showed that
several environmental variables were commonly selected in all three
models including substrate size, DO and two or more different con-
taminant measures. For example, five of the six variables in the diatom
models occurred in the invertebrate models though two of the variables
were based on slightly different summary measures. All the assem-
blages had some taxa that responded positively to increases in substrate
size (e.g., sensitive native taxa) and some taxa responded negatively.
These responses illustrate the critical importance of substrate size as a
medium for stream biota and of the potential impacts of small increases
in fine sediment to organisms evolved for relatively clean, high-gra-
dient PNW streams (Munn et al., 2009; Edwards, 2014; Hubler et al.,
2016). Dissolved oxygen is another critical factor affecting all biology
in streams and the three assemblages sampled in this study all showed
assemblage level response as minimum daytime DO values increased
above ca. 6–6.5 mg/L, with the most sensitive taxa in each group
showing strong positive response as DO rose above these levels. Con-
taminants were also an important stressor in the GF models. All three
assemblages negatively responded when any of the contaminant mea-
sures increased above zero, except for the more tolerant taxa of each
assemblage, many of which responded positively and some at relatively
high values along the contaminant gradients. Many studies have shown
that stream biotic assemblages are generally quite sensitive to small
increases in various contaminants (water and sediment based) and the
results from this study corroborate these findings (Mondy et al., 2016;
Ponsati et al., 2016; Schafer et al., 2016; Moran et al., 2017; Waite
et al., 2019).
Both nutrient stressors were important in both the diatom and in-
vertebrate GF models but not for fish. TP and TN were the top two
variables for diatom models and various taxa responded at different
nutrient concentrations; however, many responded at low nutrient
values, ca. 0.02 for TP and 0.5 mg/L for TN. These lower nutrient
thresholds are in line with the general published literature (Stevenson
et al., 2006; Potapova and Charles, 2007; Waite 2014; Munn et al.,
2018). Though nutrients were not the top variables in the GF models for
invertebrates, they responded approximately at the same nutrient
Fig. 10. Non-metric multidimensional scaling ordination for fish assemblage based on relative abundances for select taxa from 82 stream sites in the Pacific
Northwest region of the U.S. Sites in ordination space are scaled by bubbles according to each species and the vectors for the six stressor variables from the Gradient
Forest models plotted. For variable definitions and units, see Supplemental File, Table S2.
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values for both TP and TN as the algal assemblage. However, unlike the
diatom taxa, the majority of invertebrate taxa responded negatively to
nutrients (six for TN and five for TP), while only a small portion re-
sponded positively (one for TN and three for TP). The invertebrate taxa
responses follow known tolerance assignments with the more sensitive
EPT taxa responding negatively to nutrients and the more tolerant taxa
positively.
The findings of this study demonstrate the value of using multiple
assemblages to monitoring stressor gradients associated with urban
stream systems and the importance of evaluating the responses of in-
dividual taxa to stressors. In the GF models, distinct taxa responded to
multiple stressors following general patterns of known sensitive versus
tolerant taxa for each of the biotic groups studied, yet the models allow
the evaluation of taxon-specific thresholds.
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